Introduction
Nitrate contamination has become a serious environmental issue due to the extensive use of nitrate-containing fertilizers in agriculture as well as through the release of nitrate-containing industrial wastes (Bouchard et al., 1992) . The natural nitrate concentration in groundwater is typically less than 2 mg/l (Nolan et al., 1998) and the U.S. Environmental Protection Agency's (EPA) maximum contaminant level (MCL) for nitrate (as the nitrate ion) in drinking water is 50 mg/l (0.80 mM). High nitrate concentrations can be detrimental to health and is known to cause methemoglobinemia in infants and adults (Powlson et al., 2008; Gorchev and Ozolins, 1984) . In 2006, 1.9 million people in the United States were predicted to use drinking water from private wells with ≥ 5 mg/l (0.08 mM) nitrate (Nolan and Hitt, 2006) . Additionally, nitrate persistence in rivers can increase nitrate eutrophication near major river outlets resulting in algal blooms, hypoxia, and dead zones (Diaz and Rosenberg, 2008; Gruber and Galloway, 2008) .
Mo is a key element in the global nitrogen cycle (Fig. 1A) . It is the catalyst in three enzyme-based processes, N 2 -fixation (nitrogenase), nitrification (nitrite oxidoreductase), denitrification (nitrate reductase) and dissimilatory nitrate reduction to ammonium (DNRA; nitrate reductase) (Zhang and Gladyshev, 2008) . In fact, low environmental and/or dietary Mo appears to promote oral (Khanna et al., 2013) , esophageal (Jackson et al., 1986; Nouri et al., 2008) and gastric (Cao et al., 1998) cancers in humans due to decreased reduction of nitrate and nitrosamine. In natural environments, the concentration of Mo can limit the efficiency of key Mo-dependent reactions (Barron et al., 2009; Glass et al., 2012) . Thus, natural or anthropogenic processes that deplete aquatic environments of Mo may have profound effects on the rate of steps in the global nitrogen cycle (Zhang and Gladyshev, 2008) .
The major soluble form of Mo in natural environments is as the oxyanion molybdate (MoO 4 2− ) (Moura et al., 2004) . However, there are several ways in which soluble molybdate can be removed from the environment, including by binding to existing insoluble minerals or by being incorporated into insoluble minerals as they are formed. For example, molybdate is precipitated from sea water in the form of molybdenum-iron-sulfur compounds present in black shales and sea sediments (Helz et al., 1996) . Molybdate is also known to bind to insoluble organic matter in top soils (Wichard et al., 2008) . In addition, molybdate can be incorporated into hydrotalcite minerals that are formed by the precipitation of iron (Fe) and aluminium (Al) oxy/hydroxides (Allada et al., 2002; Smith et al., 2005; Paikaray and Hendry, 2013) . Molybdate can also adsorb directly to insoluble minerals such as ferrihydrite (Fe 2 O 3 Á xH 2 O) and gibbsite (Al(OH) 3 ) (Gustafsson, 2003; Goldberg, 2010) . This Mo depletion process caused by iron or aluminium minerals is pH-dependent where molybdate concentration decreases as the pH increases from pH 3.1 to 6.3 for Fe precipitates, or from pH 5.5 to 6.7 for Al precipitates (Allada et al., 2002; Gustafsson, 2003; Smith et al., 2005; Goldberg, 2010; Paikaray and Hendry, 2013) . However, it is not clear if these mechanisms are effective at depleting molybdate from solution in a regime that limits Mo bioavailability in natural environments (Thorgersen et al., 2015) . At Oak Ridge Reservation (ORR) in Tennessee, USA between 1951 and 1983, the U.S. government disposed of millions of litres of waste containing nitric acid and toxic metals. The waste generated from uranium operations at the Y-12 Plant was discarded into four unlined earthen reservoirs referred to as the S-3 ponds (~9.5 million litres per pond) (Brooks, 2001) . In 1978, the pH values of the ponds ranged from 0.8 to 5.3 and contained nitrate at concentrations up to 1.2 M (Brooks, 2001 ). Metals present included iron up to 21 mM, aluminium up to 178 mM and uranium up to 1.3 mM (Brooks, 2001 ). In 1983, in an effort to clean-up the waste site, the pH in the S-3 ponds was adjusted to about 9 (Brooks, 2001; Revil et al., 2013) . The sludge that formed was allowed to settle and the liquid waste was removed (Brooks, 2001) . In 1988 the 1-m-thick sludge was stabilized with coarse aggregates and the S-3 ponds were filled and capped with a parking lot (Revil et al., 2013) . In 1997, an analysis of the groundwater in 46 wells surrounding the parking lot revealed that there was a plume of nitrate that extended approximately 1 km to a depth of over 100 m (Kornegay et al., 1994; Jones, 1998) . In the most recent survey at ORR in 2015, groundwater from wells in the contamination plume were still at low pH range (pH 3-5) and contained high concentrations of nitrate (up to 230 mM) and various metals, including uranium (up to 0.6 mM) (Smith et al., 2015; Thorgersen et al., 2015) . Interestingly, of 26 metals analyzed, molybdenum (Mo) was the only metal that had a lower median concentration (<< 1 nM) in the highly contaminated wells compared with pristine wells (up to 330 nM) (Thorgersen et al., 2015) . In essence, the highly contaminated wells were depleted in Mo and the reason for Mo depletion and its possible biological effects are the focus of the present study.
In the ORR contaminated environment many factors could limit microbial activity including low pH, fluctuations in dissolved oxygen and the availability of reduced carbon (Rauret, 1998; Istok et al., 2004; Giles et al., 2012) . We previously proposed that low concentrations of Mo observed in the contaminated environment could limit microbial nitrate reduction (Thorgersen et al., 2015) . Herein we seek to examine the cause of Mo-depletion in the contaminated environment. We propose an environmental model in which molybdate depletion is a result of adsorption and/or incorporation of Mo into Fe and Al minerals that form as the pH of contaminated acidic groundwater increases through mixing with the surrounding neutral groundwater and sediment (Fig. 1B) . Evidence supporting the Fe-and Al-dependent Mo-depletion model is provided including synthetic groundwater studies and metal analysis of vertical soil cores drilled in an ORR non- contaminated site and a contaminated area near the S-3 ponds. Importantly, we demonstrate that Fe-and Al-induced Mo-depletion results in a Mo concentration regime that limits microbial nitrate reduction by the ORR groundwater isolate Pseudomonas fluorescens strain N2A2.
Results

Concentrations of nitrate, Mo, Al and Fe in ORR groundwater
In a previous study, groundwater samples from 93 ORR wells were analyzed for multiple geochemical parameters (Smith et al., 2015) . The concentrations of nitrate, Al, Fe and Mo, as well as the pH of those groundwater samples are reanalyzed and plotted in Fig. 2 . There is a subset of groundwater samples from wells located near the S-3 ponds that are highly contaminated with nitrate (> 1 mM) and are very acidic (pH < 4). These samples have much lower Mo concentrations (<< 1 nM) compared with samples from pristine wells, located over 3 km from the S-3 ponds, (pH > 6 and nitrate concentration < 0.80 mM), where Mo concentrations reach up to 300 nM ( Fig. 2A and Supporting Information Fig. S1 ). The groundwater samples from these highly contaminated wells have Fe concentrations less than 3 μM while Al concentrations are as high as 20 mM ( Fig. 2B and C ) known to promote the formation of Fe-and Al-based minerals (hydrotalcites). These oxyanions and cations were added at concentrations mimicking what was measured in highly contaminated groundwater samples from wells near the S-3 ponds (Smith et al., 2015) . Both the Fe and Fe + Al treatments were extremely efficient in depleting the synthetic groundwater of molybdate. As shown in Fig. 3A , the Fe (NO 3 ) 3 (20 mM) introduced a high concentration of contaminating Mo (47 nM) to the synthetic groundwater. When the pH was adjusted from 2.3 to 4.0, almost all Fe was removed from the solution, with only about 12 μM of the 20 mM remaining after Fe treatment and about 13 μM after Fe + Al treatment. At the same time, the Mo was depleted to below the detection limit (< 5 pM) of the ICP-MS instrument after both Fe and Fe + Al treatments. When the pH was increased to 6.7, only 0.28 and 0.47 μM Fe remained in solution after Fe and Fe + Al treatments respectively. Correspondingly, the Mo concentrations measured were 170 and 556 pM. We determined that the additional Mo was introduced as a contaminant from the trace grade NaOH that was used to adjust the pH (Fig. 3A, left panel) . It should be noted that the solubility of molybdate is independent of pH over this range (pH 4.0-6.7) and is unaffected by the pH adjustment in the control solutions (without added Fe, Fig. 3B ).
Al was not as efficient as Fe or Fe + Al at removing low concentrations of Mo from synthetic groundwater at pH 4.0 or at 6.7. Addition of Al (as the nitrate salt) introduced only 3.5 nM Mo as a contaminant. When the pH was increased to 4.0 after Al addition (from pH 3.8), only a small fraction of the Al precipitated changing the concentration from 19.7 to 15.3 mM. Accordingly, the Mo concentration decreased from 3.5 to 2.2 nM. Increasing the pH to 6.7 dramatically increased Al precipitation with only 6.1 μM remaining in solution (from 15.3 mM), but the Mo concentration only decreased to 1.7 nM (from 2.2 nM; we estimate that 10% of this difference was introduced as a contaminant from the NaOH) (Fig. 3A , middle panel). As shown in Fig. 3A , when both Al and Fe were present in synthetic groundwater, the results appeared to be additive and there were no dramatic synergistic effects caused by both metals precipitating from the same solution, especially at pH 4.0, only about 1.0 mM Al precipitated out of 10.3 mM present in the synthetic groundwater.
Several anions, including NO 3 − , HCO 3 − , SO 4 2− and Cl − , are present in the ORR groundwater (Smith et al., 2015) and were added to the synthetic groundwater in the experiments above. In this case, the synthetic groundwater contained one of the following ions: sulfate (15.2 mM), bicarbonate (3.0 mM), phosphate (5.0 mM) or chloride (10.5 mM) or a combination of sulfate (15.2 mM), bicarbonate (3.0 mM) and chloride (10.5 mM) (Supporting Information Table S1 ). As shown in Supporting Information Fig. S2A , depletion of Mo by Fe treatment was more or less independent of the presence of the anions, as all Mo concentrations decreased from approximately 50 nM to less than 400 pM. However, sulfate inhibited molybdate depletion in Al treatment as the Mo concentration was 2.2 nM (sulfate only) and 3.4 nM (combination of sulfate, carbonate and chloride, SCC). Hence, sulfate interferes with Mo removal by Al precipitation, but not Fe precipitation which explains why nM levels of Mo remained in Al-treated synthetic groundwater even at pH 6.7 (Fig. 3A) .
We next addressed the question of whether molybdate could also be adsorbed by pre-formed Fe or Al precipitates from synthetic groundwater. As shown in Fig. 3B , at pH 4.0 the pre-formed Fe-precipitates scavenged Mo from solution and decreased soluble Mo from 10 nM to 200 pM. At pH 6.7 the Mo concentration decreased further to less than 5 pM (below the detection limit). The pre-formed Alprecipitates were less effective in removing Mo, decreasing the concentration to 6.9 nM at pH 4.0 and to 3.7 nM at pH 6.7. Importantly, the pre-formed Al precipitate did not impede Mo uptake by the pre-formed Fe-precipitate at pH 4.0 but they did prevent Mo adsorption by the preformed Fe-precipitate at pH 6.7, resulting in a concentration of remaining Mo fivefold higher (2.0 nM) in samples with both Fe and Al precipitates (Fig. 3B ). Fe precipitation in synthetic groundwater at low pH is more efficient than Al precipitation, which is consistent with the observation that no significantly high concentrations of Fe (> 10 μM) were detected in any of the contaminated wells while much higher concentrations of Al were measured (up to2 0 mM; Fig. 2 ). The data presented here therefore suggest that Mo depletion in ORR groundwater is predominantly a result of both incorporation and adsorption to Fe-based oxyhydroxides precipitates, but that Al-based precipitates could also play a role.
Co-occurrence of recalcitrant Mo with Fe and Al in contaminated ORR sediment
In order to analyze Mo concentrations and its bioavailability in ORR sediment, a sediment core adjacent to the S-3 The concentrations of free Fe (red lines) and free Al (blue lines) are also indicated in this figure in mM. B. Mo adsorption to Fe-, Al-or a Fe + Al-precipitates at pH 4.0 (left) and pH 6.7 (right). Samples were first Mo depleted by the given treatment and pH to generate precipitates. Then half of the supernatant for each sample was removed for the control (white bar), and the remaining supernatant and precipitate was used as the sample (black bar). Additional Mo was added to the control and sample, incubated overnight and then the soluble Mo was measured. *Mo concentrations below the detection limit of ICP-MS.
[Color figure can be viewed at wileyonlinelibrary.com] ponds contamination source (EB-106) and a sediment core not contaminated by the S-3 plume (EB-271) were obtained. The cores were divided into 23 cm segments by depth (800 and 450 cm total), which were extracted and analyzed for metals using the modified BCR three step sequential extraction procedure (Rauret, 1998 ) that involves a series of increasingly harsh treatments to release metals from the sediment. As shown in Supporting Information Fig. S3A ,C, Mo was not detected in the weak acid extracted fractions (pH 3.0) of the first extraction step or in the reducible extraction fractions for either core. Low amounts of Mo (< 2 mg/kg and < 0.7 mg/kg, respectively) were released in this final and much harsher extraction step of the contaminated and noncontaminated cores. There was some Mo in the vadose zone of both wells (100 cm depth and 194 cm depth) of the cores that may have been associated with organic matter. There were also three Mo concentration maxima centred at 501, 583 and 674 cm depth in the saturated zone of the contaminated core (Supporting Information Fig. S3A ,B) and a feature of Mo extending into the saturated zone of the non-contaminated core from 331 to 444 cm depth (Supporting Information Fig. S3C,D) .
Total metals were also measured for both sediment core segments using a separate microwave digestion procedure by nitric acid (Supporting Information Fig. S3A,C) . Importantly, for the non-contaminated core, similar amounts of Mo were measured by the two different procedures (Supporting Information Fig. S3C ). Conversely, for the contaminated core, approximately 60% more Mo was measured in the vadose zone and approximately two-to threefold increased Mo was measured in the three saturated zone maxima by the total digestion method compared with the oxidizing step of the sequential extraction procedure (Supporting Information Fig. S3A ). This result suggests that there is a population of highly recalcitrant Mo in the contaminated core that is only observable with total digestion of the sediment in nitric acid that is not present in the non-contaminated core.
The concentrations of Fe and Al found in the contaminated ORR sediments by the total extraction method are shown in Supporting Information Fig. S3B , along with those for Mo. The Fe data show that there is one major maximum and several minor ones, and while the Al data show more variation between the triplicate environmental samples, there are clearly several major concentration maxima. Interestingly, of the three major Mo maxima in the saturated zone, two of them (501 and 583 cm) correspond to major (501 cm) and minor (583 cm) maxima for both Fe and Al. The major Mo concentration maximum at 674 cm does not appear to correlate with either of the other metals. For the non-contaminated core no significant maxima of Mo correspond to those of Fe or Al (Supporting Information Fig. S3D ).
Nitrate removal limited by Mo depletion
To test the impact of Fe-and Al-dependent Mo depletion on microbial action (Fig. 1A) , the nitrate removal activity of a denitrifying microorganism isolated from ORR groundwater, Pseudomonas fluorescens N2A2, was investigated after its growth medium was depleted of Mo by Fe-or Al-based precipitation (Supporting Information  Table S1 ). The measured Mo concentrations in the growth media decreased from 32.7 nM to 400 pM as a result of Fe treatment and from 13.7 nM to 800 pM as a result of Al treatment (Supporting Information Table S2 ). Strain N2A2 grew very poorly in both of these Modepleted media compared with the standard medium containing 10 nM Mo (Fig. 4A) . However, growth was almost fully restored upon the subsequent addition of 10 nM MoO 4 2− , showing that the Fe-and Al-induced precipitation did indeed inhibit growth by removing soluble Mo (Fig. 4A) . However, Mo addition did not restore growth completely (Fig. 4A) , so it is possible that the Fe-and Altreatments decreased the concentration of one or more of the other medium components required for optimal growth of strain N2A2 (Fig. 4A ). While removal of soluble Mo by Fe-or Al-induced precipitation clearly impacts microbial growth, a more fundamental question is whether these processes also lead to a decrease in the ability of the ORR microorganism to catalyze nitrate removal with nitrate reductase, a Mo dependent enzyme that also contains Fe (Zumft, 1997) . As shown in Fig. 4B ,C, this conjecture proved to be the case. N2A2 cells in the Fe-treated medium (containing 400 pM Mo) removed only 16% of the nitrate that was initially present (60 mM), while more than 95% of the nitrate was removed by cells in the untreated medium (containing 10 nM Mo). About 40% of the nitrate was removed by cells in the Al-treated medium (containing 800 pM Mo). When Mo was added back to both the Fe-and Al-treated media, more than 80% of the nitrate was removed showing that Mo depletion was the cause of the nitrate removal deficiency in Fe and Al treated media (Fig. 4B) .
Molybdenum is part of the catalytic site of nitrate reductase and the catalytic activity of the enzyme is directly related to its Mo content (Vergnes et al., 2004; Schwarz et al., 2009) . Consequently, one would expect the amount of nitrate removed by N2A2 in a given environment to be directly related to the catalytic activity of its nitrate reductase and hence its Mo content. As shown in Fig. 4C , this expectation was the case. The total catalytic activity (units/mg of total cellular protein) of nitrate reductase was initially proportional (in early log phase, 28 h) to the Mo concentration in the medium. That is, cells had up to four-fold higher nitrate reductase activity in media that had not been Mo depleted, or that had been supplemented with Mo after Fe-or Al-treatment (Fig. 4C) . For example, the highest nitrate reductase activity is about 60 units/mg in Fe-treated media with Mo supplementation while only about 15 units/mg activity was detected in Fetreated media at 28 h. However, the cellular production of the nitrate reductase protein is dependent upon the nitrate-content of the medium (Showe and DeMoss, 1968; Härtig et al., 1999) so in Mo-sufficient media the specific activity of the enzyme decreases as the nitrate is removed (at middle log phase, 53 h, and early stationary phase, 73 h, Fig. 4C ). In contrast, in the Fe-and Aldepleted media, the specific activities of the enzyme do not change dramatically and remain low over time. Hence, with abundant Mo, the specific activity of the nitrate reductase reflects the amount of nitrate reductase protein that is produced. In contrast, in Fe-and Al-treated media, the measured nitrate reductase activity reflects the prevailing Mo-depletion conditions, independent of the nitrate concentration or the amount of nitrate reductase protein. Mo is therefore the key to catalytic activity and thus to efficiency in the nitrate removal process.
Discussion
This study combines Mo depletion in acidic and metal contaminated ORR groundwater and nitrate reduction by microorganisms into one environmental model. The liquid in the S-3 ponds was highly acidic (pH < 0.8) as a result of the high concentrations of contaminating nitric acid present. The results presented herein show that Fe 3+ and Al 3+ are effective at removing molybdate from solution, even at the extremely low (< 10 nM) starting concentrations found in the ORR environment. Mo removal at ORR appears to occur as a result of either adsorption onto pre-formed Fe-and Al-based oxy/hydroxides or by incorporation into Fe-and Al-based minerals that form as the pH of the acidic groundwater gradually increases (to pH > 3) as it flows into the surrounding sediment (Brooks, 2001; Revil et al., 2013; Smith et al., 2015) . The sediment at ORR is rich in Fe-oxides Wu et al., 2006) and acidic dissolution of magnetite occurs in nitric acid at pH < 2.0 (Salmimies et al., 2011; Salmimies, 2012) . This Fe 3+ in turn would precipitate when the pH increases as a result of dilution with fresh groundwater or by interactions with carbonated soils thereby scavenging soluble Mo (Revil et al., 2013) . We show here that Fe 3+ is extremely effective at removing soluble Mo from synthetic groundwater at pH values as low as 4.0, while a pH closer to neutral is required for Al 3+ to scavenge Mo. That iron rather than aluminium is the primary driver of Mo depletion in the ORR environment is consistent with our elemental analyses of the contaminated ORR wells (pH < 5.0), in which the Fe concentrations are extremely low (μM range) but Al persists (mM range) and Mo is virtually undetectable. We contend that Fe precipitation at low pH has already removed Mo from the groundwater of the highly contaminated wells near the S-3 ponds. In addition, the measurement of a recalcitrant population of Mo that could only be observed when sediment was completely digested in nitric acid that was present in the contaminated but not the noncontaminated core supports our environmental model. That several of the Mo concentration maxima (at 501 and 583 cm depth) observed in the contaminated core coincides with Fe and Al maxima also supports the model. We show here that pH-induced precipitation of Fe-oxy/ hydroxides, and to a lesser extent those that are Albased, cause depletion of soluble Mo resulting in Mo concentrations in the low pM range and in many cases beyond the detection limit (< 5 pM). While such low Mo concentrations are consistent with those measured in the highly contaminated groundwater at ORR, they are also at the limits of experimental design, particularly when attempting to grow microorganisms in the laboratory. Mo is a contaminant in virtually all chemicals used in microbial growth media, especially in SO 4 2− , PO 4 3− , Fe 3+ and HCO 3 − , which are added to Mo-depleted media. Even though we used trace grade chemicals, Mo was still introduced to the media as a contaminant at concentrations greater than 100 pM. In other words, it was nearly impossible to reproduce the extent of Mo limitation in the highly contaminated ORR groundwater in the laboratory because of unavoidable Mo contamination in commercial chemicals. Thus, the lowest Mo concentrations we could prepare experimentally for growth experiments involving the ORR-denitrifying strain Pseudomonas fluorescens N2A2 were in the 100 pM range, which was sufficient to demonstrate a negative impact on nitrate reduction. Yet, the Mo concentration in highly contaminated ORR groundwater is less than 10 pM, which is at least one order of magnitude lower than what we can simulate in the laboratory. Mo availability consequently has the potential to be a major limitation for the removal of nitrate by microorganisms in the ORR environment. Other potential barriers to nitrate reduction in the contaminated ORR environment include sources of reductant for denitrification (either organic or inorganic), the acidic conditions and the effects of heavy metal contaminants. Oxygen in sediments and groundwater can also affect denitrification, because oxygen is known to inhibit the transcription or the metabolic activity of related enzymes in most denitrifying microorganisms (Zumft, 1997; Qu et al., 2016) . Natural microbiota can affect major geochemical cycles like the nitrogen cycle (Klotz and Stein, 2008; Hug et al., 2016) , however inadequate metagenomic studies on sediment microbial communities in the ORR contaminated area leave unanswered questions about the relationships between these microbial communities and the environment. While denitrifiers or denitrifying communities that can survive at low pH or in the presence of certain heavy metal contaminants have been studied (Watanabe et al., 2001; Hemme et al., 2010; Palmer et al., 2010 Palmer et al., , 2012 , conditions at the ORR site are extreme because of the complex contamination of multiple heavy metals combined with high concentrations of anions like nitrate, sulfate and chloride, as well as low pH (3) (4) (5) . From the results presented herein, we contend that Mo limitation is another factor that could be impacting microbial nitrate reduction at ORR. Isolation of a nitrate-reducing microorganism able to grow in the presence of the high concentrations of a range of heavy metals found in some of the ORR wells, such as FW-126 (Smith et al., 2015) , that is also able to utilize Mo at low pM or even fM concentrations would be of great interest.
Natural Mo concentrations in groundwater are rarely seen in the pM range like they are in the ORR contaminated groundwater. Typically Mo concentrations range from several nM to hundreds of nM (Smedley and Kinniburgh, 2017 ). However, low Mo concentrations have been observed, such as in the Wadden Sea and Boston Harbour (< 20 nM) and the Yorkshire Chalk aquifer (< 10 nM). The low Mo concentrations at these sites were proposed to be the result of Fe sedimentary mineralization and/or Mn oxide immobilization under sulfatereducing conditions (Smedley and Edmunds, 2002; Morford et al., 2007; Beck et al., 2008) . Low Mo concentrations (< 5-70 nM) resulting from the lower solubility of molybdate at low pH have also been reported in naturally acidic groundwater (pH 2.4-2.9) (Nordstrom, 2015) . While the ORR environment can be considered unique, acid mine drainage (AMD) forms a similar highly acidic, metal-rich environment, which is generated from the drainage of pyrite oxidation and results in sulfuric acid and ferric iron contamination (Sánchez-España et al., 2016) . Like the ORR plume, AMD is neutralized by mixing and dilution with nearby soils and groundwater. AMD can also dissolve aluminium, iron and other metals from various minerals and in general has high concentrations of Fe 3+ and/or Al 3+ (Cronan and Schofield, 1979; Sán-chez-España et al., 2016) . To date, most remediation studies of AMD have focused on how to decrease the concentrations of Fe 3+ , Al 3+ , SO 4 2− and various toxic metals (Johnson and Hallberg, 2005) . However, we propose that anthropogenic neutralization of AMD will also deplete Mo as Fe-and/or Al-based minerals form, as occurred at the ORR site. This process could disrupt the nitrogen cycle at the AMD site by decreasing nitrate removal and/or nitrogen fixation ( Fig. 1) (Wu et al., 2006; Barron et al., 2009; Glass et al., 2012) . In a previous study, the denitrification rate of sediment and surface water microcosms from AMD-impacted sediment decreased significantly when Fe 3+ /Fe 2+ was added, the pH values of which were between 3.17 and 4.52 (Baeseman et al., 2006) . Based on the Mo depletion model proposed in our study, soluble MoO 4 2− in the tested microcosms from the AMD-impacted environment would have been depleted by Fe precipitation that occurred when the pH increased, thus inhibiting nitrate reduction in the AMD-community. The lack of soluble and available Mo may decrease the rate of natural nitrate removal from contaminated groundwater via denitrification, particularly when appropriate electron donors are present. In addition to limiting nitrate reduction by a single organism as shown in this study, a lack of Mo may shift the microbial community structure such that other growth modes are more energetically favourable and become dominant, similar to what was found in estuarine environments (Howarth and Cole, 1985) . It might be expected to take longer to re-establish nitrate to non-contaminant concentrations in these Mo-depleted environments (Colman et al., 2017) . The depletion of Mo in groundwater and freshwater environments could have additional environmental consequences. For example, Mo depletion in agricultural soils containing nitrate-based fertilizers could decrease denitrification rates compounding nitrate contamination issues (Glass et al., 2012) . In addition, release of nitrate contaminated freshwater into the ocean results in eutrophication of nitrogen-limited estuarine and coastal ecosystems causing the spread of dead zones and hypoxia at affected river outlets (Smith et al., 1999; Diaz and Rosenberg, 2008) . Moreover, limitation of nitrogen fixation by Mo availability could be relevant in areas without nitrate contamination. While environmental acid and metal contamination are clearly critical environmental concerns, it is important to also consider what nutrients are depleted as these contaminants are removed. The depletion of Mo in metal-rich acidic environments may be a key concern that needs to be considered in returning nitrate-contaminated environments to their natural state.
Experimental procedures
Molybdate depletion by iron or aluminium active precipitation
The synthetic groundwater composition was based on the previously published data (Smith et al., 2015) on the major inorganic ions measured in the highly contaminated well FW-126 (located 11.3 m down gradient from the S-3 ponds, see Supporting Information Table S1 ). Synthetic groundwater contained Mg(NO 3 ) 2 (8.9 mM), Na 2 SO 4 (15.2 mM), NaHCO 3 (3 mM) and NaCl (10.5 mM). This data was based on the ion concentrations measured from contaminated groundwater (well FW-126; Supporting Information Table S1 ). It is important to note that Mo was not added to any of these solutions. The Mo that was present [up to~50 nM in Fe(NO 3 ) 3 (20 mM)] originated as a contaminant in the various chemicals that we added to the solutions. Synthetic groundwater was acidified to pH 2.3, 3.8 or 2.6 by addition of trace metal grade Fe(NO 3 ) 3 (20 mM) (99.995% trace metal basis, MilliporeSigma, Missouri, USA), Al(NO 3 ) 3 (20 mM) (99.997% trace metal basis, MilliporeSigma) or a combination of Fe(NO 3 ) 3 (10 mM) and Al(NO 3 ) 3 (10 mM), respectively, to give a final concentration of 60 mM nitrate in each case. These acidifications were followed by precipitation of Fe or Al at pH 4.0, which was chosen to mimic the pH of the contaminated groundwater in well FW-126, or pH 6.7, which was used to simulate the neutralization of the contaminated groundwater by mixing with soils and neutral uncontaminated groundwater, induced by the addition of trace grade NaOH (99.99% TraceSELECT, Honeywell Fluka, Michigan, USA) and samples were allowed to settle for 30 min at room temperature. These procedures will be referred to as 'Fe treatment', 'Al treatment' or 'Fe + Al treatment'. Aliquots were taken prior to and after the pH adjustment, centrifuged (5000g, 20 min) and the concentrations of dissolved Fe, Al and Mo before and after Fe treatment, Al treatment and Fe + Al treatment were analyzed by inductively coupled plasma mass spectrometry (ICP-MS) to determine the effect of the treatment on Mo concentrations.
To investigate the effects of different anions on Mo depletion by Fe or Al precipitation, single anions Na 2 SO 4 (15.2 mM), NaHCO 3 (3 mM), NaH 2 PO 4 (5 mM) or NaCl (10.5 mM) or anion combinations of Na 2 SO 4 (15.2 mM), NaHCO 3 (3 mM) and NaCl (10.5 mM) (SCC) were included exclusively in Fe(NO 3 ) 3 (20 mM) or Al(NO 3 ) 3 (20 mM) solutions with Mg(NO 3 ) 2 (8.9 mM), as Mg 2+ is the major divalent cation in the ORR monitoring well FW-126 groundwater. Where indicated, molybdate was added as (NH 4 ) 2 MoO 4 at final concentrations of 50 and 10 nM prior to the Fe or Al treatments, respectively, to provide a Mo concentration where changes could be easily measured. Then different solutions were adjusted to pH 6.7 to induce the precipitation of Fe and Al in 15 ml acid washed falcon tubes. Samples were incubated at room temperature for 30 min. Samples before the treatments and supernatants after treatments were collected for metal analysis by ICP-MS in order to determine the effect of anion interferences on Mo depletion at starting trace levels (pM to nM) of Mo concentration.
Molybdate adsorption to aluminium or iron precipitates
Fe(NO 3 ) 3 (20 mM), Al(NO 3 ) 3 (20 mM) or a 1:1 ratio thereof [10 mM Fe(NO 3 ) 3 and 10 mM Al(NO 3 ) 3 ] were added to synthetic groundwater solutions. The pHs of the mixtures were adjusted to either pH 4.0 or pH 6.7 by addition of NaOH (99.99% TraceSELECT). The solutions were then centrifuged at 5000g for 20 min to remove the Fe and/or Al precipitates and 10 nM (NH 4 ) 2 MoO 4 was added to the supernatant fractions and these were divided into two parts. One was mixed with the precipitate obtained from the prior centrifugation step and the other served as a control (with added Mo but with no precipitate). After equilibration for 16 h, the solutions were centrifuged at 5000g for 20 min, and the supernatants were analyzed by ICP-MS.
Growth of Pseudomonas fluorescens N2A2 in molybdate-depleted media
The standard growth medium contained 1.3 mM KCl, 2 mM MgSO 4 , 0.1 mM CaCl 2 , 0.3 mM NaCl, 30 mM NaHCO 3 , 5 mM NaH 2 PO 4 and 20 mM NaNO 3 with vitamins and minerals as described by Widdel and Bak (1992) except that molybdenum and tungsten were omitted. Glutamine (20 mM) was used as carbon source. Mo limited media were generated based on the standard medium and by using the Fe-or Al-treatments described above. Glutamine (20 mM), which is neutral, was used as carbon source instead of lactate to avoid interference with Mo depletion. Mo depleted medium solution which contained 1.3 mM KCl, 2 mM MgSO 4 , 0.1 mM CaCl 2 , 0.3 mM NaCl and 20 mM glutamine, 10 nM (NH 4 ) 2 MoO 4 with vitamins and minerals was mixed with either Fe(NO 3 ) 3 (20 mM) or Al(NO 3 ) 3 (20 mM). The solutions were adjusted to pH 6.7 from pH 2.1 for Fe and pH 3.5 for Al to induce their precipitation. Then the supernatants were supplemented with Fe(NO 3 ) 3 (7.4 μM), Na 2 SO 4 (2 mM), NaHCO 3 (30 mM) and NaH 2 PO 4 (5 mM) which are required for N2A2 growth. NaNO 3 (60 mM) was used in untreated media to introduce nitrate. Each growth was performed in triplicate and samples were collected every 5 h for the analyses described below.
Nitrate and nitrite measurements
Nitrate and nitrite were measured by the Griess colorimetric assay as previously described (Miranda et al., 2001) . Samples were removed from growing cultures, centrifuged in a microcentrifuge to remove cells, and were assayed directly. Typically, 100 μl of diluted samples were mixed with 100 μl Griess reagents (MilliporeSigma) and incubated at 37 C for 1 h to determine the concentrations of nitrite produced during growth. To reduce the remaining nitrate to nitrite, 50 μl of diluted samples were mixed with 40 μl saturated VCl 3 (400 mg VCl 3 in 50 ml 1 M HCl). About 100 μl of the Griess reagent was added and the mixture was incubated at 37 C for 4 h before measuring absorption at 540 nm.
Nitrate reductase activity
Samples (5 ml) were removed from N2A2 cultures and cells were harvested by centrifugation (10 000g for 5 min). The pellet was re-suspended in 100 μl of water and lysed by sonication. The assay mixture (1.0 ml) consisted of 50 mM Tris/HCl buffer, pH 7.5, containing 0.5 mM methyl viologen and 1 mM potassium nitrate in an anaerobic sealed cuvette at 25 C. Sodium dithionite (4 mg/ml in 50 mM Tris-HCl buffer, pH 7.5) was added until an absorption at 578 nm of approximately 1.5. The reaction was initiated by the addition of the cell-free extract and nitrate reduction was monitored by the oxidation of reduced methyl viologen (Nason et al., 1971) . One unit of total nitrate reductase activity catalyzed the reduction of 1 μmol of nitrate/min.
Metal analysis
Synthetic groundwater samples, processed sediment samples or culture samples were vortexed then diluted into 2% (vol/wt) trace-grade nitric acid (VWR, Pennsylvania, USA) in acid-washed polypropylene tubes and stored overnight at 4 C. Samples were analyzed using an Agilent 7900 ICP-MS fitted with MicroMist nebulizer, UHMIspray chamber, Pt cones and an Octopole Reaction System (ORS) collision cell (Agilent Technologies, California, USA). The external calibration standards, IV-ICPMS-71A (Inorganic Ventures, Virginia, USA) and IV-ICPMS-71B (Inorganic Ventures, Virginia, USA), were used to create an 11-point curve from 0-500 (or 1000) ppb for each element and the internal calibration standard, IV-ICPMS-71D (Inorganic Ventures, Virginia, USA), was added to each sample. The data were collected as a 3-point peak pattern, 3 replicates, 100 sweeps/rep and various integration times (all > 0.3 s) with either no gas or He gas in the ORS collision cell. Data was processed using the nearest internal standard by mass and fitted to a linear curve though the calibration blank. Where indicated, environmental or biological replicates where averaged and reported with standard deviations (SD). The detection limits (DL) were calculated as three times the standard deviation of the calibration blank. All sediment data are reported in mg/kg (i.e., ppm) and other data are reported in molar concentrations (i.e., mM-pM).
ORR sediment coring
The 800 cm vertical sediment core, EB-106, was located 21.1 m downstream from the southern corner of the S-3 pond, in an extremely contaminated region referred to as Area 3 (Moon et al., 2006; Li et al., 2018) . The contaminated core (EB-106) is located 21.1 m from the edge of one of the ponds and 10.2 m from well FW-126. The sediment core spanned the vadose (0-300 cm), capillary fringe (300-350 cm) and saturated (350-800 cm) soil zones. The sediment was cored using a Geoprobe 6610 DT (Geoprobe, Salina, KS) dual tube hydraulic push continuous coring machine. The DT 350 that takes 8.9 cm diameter cores using PVC liners. The filled liners were cut in to approximately 22 cm segments at the field site and each end was immediately capped.
Metal extraction from ORR sediment core
The sediment core was cut into 23 cm sections, the end portion of each 22 cm segment was discarded, and an internal sample was manually homogenized. The moisture content and dry mass of three approximately 1 g samples of homogenized sediment were obtained by drying overnight in an oven at 102 C AE 2 C. Selected samples were then sequentially extracted for bioavailable metals by the BCR three-step sequential extraction procedure (Rauret, 1998) , where the soil was sequentially extracted with a weakly acidic (0.11 M acetic acid) solution, a reducing agent (0.5 M hydroxylammonium chloride) and an oxidizing agent (8.8 M hydrogen peroxide at 85 C). The first step involves extraction of the sediment with a weak acid (0.11 M acetic acid), which removes any porewater metals as well as metals that are precipitated with carbonate and are easily solubilized (Kazi et al., 2005) . The second step is the subsequent reductive extraction by incubation with 0.5 M hydroxylammonium chloride, which will release metals bound to metal oxides (Kazi et al., 2005) . The third step is oxidative extraction and involves digesting the sediment remaining from the reductive extraction using 8.8 M H 2 O 2 at 85 C.
This extraction also releases metals from organic matter, such as high molecular weight humic compounds (Kazi et al., 2005) . Supernatants from the three extraction steps were diluted 1:40 in 2% (vol/vol) nitric acid for ICP-MS analysis. An additional 1 g of soil (dry weight) from each segment was microwave digested in 10 ml of concentrated nitric acid as described in EPA protocol 3051A (Link et al., 1998) to determine the total metal content of sediment. After microwave digestion, samples were diluted to 100 ml total volume with ddH 2 O. For ICP-MS analysis, a 1 ml portion was diluted with 4 ml of ddH 2 O resulting in 2% (vol/vol) nitric acid in the samples. These samples were further diluted 1:5 and 1:50 in 2% (vol/vol) nitric acid before being analyzed by ICP-MS.
